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Abstract: There has been a rapid increase in public, political, and scientific interest regarding the impact of organic ultra-
violet (UV) filters to coral reefs. Such filters are found in sunscreens and other consumer products and enter the aquatic
environment via direct (i.e., recreational activities, effluents) or indirect (i.e., land runoff) pathways. This review summarizes
the current state of the science regarding the concentration of organic UV filters in seawater and sediment near coral reef
ecosystems and in coral tissues, toxicological data from early and adult life stages of coral species, and preliminary envi-
ronmental risk characterizations. Up to 14 different organic UV filters in seawater near coral reefs have been reported across
12 studies, with the majority of concentrations in the nanograms per liter range. Nine papers report toxicological findings
from no response to a variety of biological effects occurring in the micrograms per liter to milligrams per liter range, in part
given the wide variations in experimental design and coral species and/or life stage used. This review presents key findings;
scientific data gaps; flaws in assumptions, practice, and inference; and a number of recommendations for future studies to
assess the environmental risk of organic UV filters to coral reef ecosystems. Environ Toxicol Chem 2021;40:967–988. © 2021
The Authors. Environmental Toxicology and Chemistry published by Wiley Periodicals LLC on behalf of SETAC.
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INTRODUCTION
Organic ultraviolet (UV) filters are used in a diverse array of

consumer products to inhibit the infiltration of UV light to
prevent sunburns or photodegradation. Examples include sun
protection products (e.g., sunscreens), personal care products,
plastics, paints, and textiles (Fent et al. 2010; Ramos
et al. 2015). Recently, growing scientific, public, and regulatory
concern over the presence of organic UV filters, primarily those
used in sun protection products, in the environment has
emerged (Kim and Choi 2014; Wood 2018; Schneider and
Lim 2019). The presence of organic UV filters in the marine
environment, primarily released during recreational activities
(e.g., swimming), has been highlighted because they are
suspected of adversely impacting ecologically important coral
communities (Raffa et al. 2019).

Coral reefs are highly productive and economically vital
ecosystems, providing an array of ecosystem services and
biodiversity (Moberg and Folke 1999; Woodhead et al. 2019).
In recent years, coral reef health globally has significantly
declined as a result of climate change impacts (sea level rise,
ocean acidification), and repeated bleaching events from
sustained elevated temperature events have occurred (Hoegh‐
Guldberg et al. 2017; Hughes et al. 2018). Meanwhile, local‐
scale stressors including municipal and industrial wastewater
effluents, overfishing, recreational activities, and overland
runoff (urban and agricultural inputs) have also been shown to
directly contribute to coral decline and/or reduce the resilience
of corals to global stressors (Owen et al. 2005; Negri and
Hoogenboom 2011; Spalding and Brown 2015; Duprey
et al. 2016). In particular, heavy metals, nutrients, and various
organic chemicals can adversely impact corals at potentially
environmentally relevant levels (e.g., van Dam et al. 2011;
Forbes et al. 2016; Kroon et al. 2020), particularly in densely
populated areas or those that experience significant tourism,
especially when combined with sheltered beach environments
(Wood 2018).

Toxicological effects resulting from coral exposure to
organic UV filters is an emerging hypothesis first proposed
by Danovaro et al. (2008) and subsequently explored by
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Downs et al. (2016) and McCoshum et al. (2016). In response to
these findings, legislators in the United States have invoked
the precautionary principle to ban the use of 2 organic UV
filters in beach sunscreen products, namely, oxybenzone
(benzophenone‐3 [BP‐3]) and octinoxate (ethylhexyl methox-
ycinnamate [EHMC]; Sirois 2019). These bans include Hawaii
(SB 2571; State of Hawaii Senate 2018), the US Virgin Islands
(Bill 33‐0043; US Virgin Islands 2019), and a locally proposed
ban in Key West, Florida (Ordinance File 18‐3253; Key West
City Commission 2019). Palau (Remengesau 2018) and Bonaire
(Ministries of The Netherlands 2020) have enacted similar
sunscreen ingredient bans.

Since the initial 3 organic UV filter coral toxicity papers were
published, 6 additional investigations have increased the amount
of data available and expanded the number of organic UV filters
studied (Fel et al. 2019; He et al. 2019a, 2019b; Stien
et al. 2019, 2020; Wijgerde et al. 2020). Two studies have
reported on the concentrations of UV filters in coral tissues
(Tsui et al. 2017; Mitchelmore et al. 2019). In addition,
12 exposure studies (i.e., chemical monitoring) that collected
seawater samples near coral reefs have been reported (Goksøyr
et al. 2009; Tashiro and Kameda 2013; Bargar et al. 2015; Downs
et al. 2016; Kung et al. 2018; Schaap and Slijkerman 2018;
Mitchelmore et al. 2019; Tsui et al. 2019), with a handful of
them also conducting preliminary coral risk assessments
using the existing empirical data (Tsui et al. 2014, 2017; He
et al. 2019a, 2019b). A few studies have also reported concen-
trations of organic UV filters in sediment near coral reefs
(Tsui et al. 2015, 2017; Apel et al. 2018; Mitchelmore et al. 2019).

In this article, we critically review the exposure, hazard, and
risk that organic UV filters pose to coral reefs. Major findings
are summarized along with recommendations for future
research to enhance our understanding of the sources,
exposure, fate, and toxicity of organic UV filters on coral
environments. It is our hope that the results will help focus
future research efforts toward critical knowledge gaps and
provide decision‐makers with a state‐of‐the‐science summary
to aid in the protection of coral reefs.

METHODS
A review was conducted of papers published up to the end

of June 2020, as described in Supplemental Data, Text S1.
Papers that reported toxicological effects on coral (n= 9), UV
filter exposure in seawater (n= 12) or sediment (n= 4) near
reefs, or UV filter concentrations within coral tissues (n= 2) or
conducted coral‐specific risk assessments (n= 5) were in-
cluded. To assess trends in UV filter exposure, data were
summarized in box plots containing the range and median of
concentrations reported per UV filter, per study, as detailed in
Supplemental Data, Text S2. To summarize toxicity data,
lowest‐observable‐effect concentrations (LOECs) were con-
verted to no‐observable‐effect concentrations (NOECs) for
consistency and to be more suitable for risk assessment
according to guidance provided by the European Chemicals
Agency (2008), as detailed in Supplemental Data, Text S3.

Median effective concentrations (EC50s) and median lethal
concentrations (LC50s) were not converted because these
endpoints are suitable for risk assessment. A cumulative end-
point ecotoxicity distribution was created to help visualize the
variability in effect concentrations based on UV filter and
endpoint studied. Finally, risk assessments were summarized in
a single figure by plotting the risk quotient reported for
each compound assessed, as described in Supplemental Data,
Text S4.

SOURCES AND OCCURRENCE OF UV
FILTERS IN THE MARINE ENVIRONMENT

The pathways of UV filter environmental exposure are varied
and source‐dependent. In this review, we focus on UV filters
used in sun care products (i.e., sunscreens), which aligns with
the findings from a recent monitoring and modeling study
(Labille et al. 2020), although efforts to verify this assumption
should be undertaken. However, it is important to note that UV
filters are used in a wide range of products and that their UV
filter content, their leaching potential, and the extent of their
contribution to environmental concentrations are virtually un-
known, complicating the environmental source apportionment
of these compounds from sunscreens. What we can say is that
given the diversity of organic UV filter sources, there are
multiple point and diffuse sources of UV filters to the aquatic
environment (e.g., see Giokas et al. 2007) including from
recreational use (i.e., swimmers), wastewater‐treatment plant
effluents, industrial effluents, and terrestrial runoff (Figure 1).

In sun protection products, UV filters are usually added as a
mixture at various concentrations to protect the skin from the
negative consequences of UVA (315–400 nm) and UVB
(280–315 nm) light exposure including sunburn, premature
aging, and skin cancer (Chisvert and Salvador 2007; Giokas
et al. 2007). Organic UV filters protect skin by absorbing UV
light, and those available for formulation in sun care products
vary regionally along with their percentage permitted. For ex-
ample, US cosmetic products can contain up to 6% oxy-
benzone (BP‐3) and 7.5% octinoxate (EHMC), whereas their
inclusion levels are higher in the European Union (i.e., 10%, for
BP‐3 and EHMC; Table 1). However, ingredients not used in a
certain country may be brought in and used by visitors and
tourists from other countries (Schaap and Slijkerman 2018).
Many of the UV filters in Table 1 have yet to be investigated in
terms of coral toxicity (48%) or appear in an environmental
exposure study (45%). For those that have been studied, dif-
ferent names and acronyms have been used to identify them.
For example, the acronym for “octisalate,” also “ethylhexyl
salicylate,” has been cited as “OS” (Mitchelmore et al. 2019)
and “EHS” (ethylhexyl salicylate; Danovaro et al. 2008;
Tsui et al. 2014). We propose identifying all UV filters by their
International Nomenclature of Cosmetic Ingredients (INCI)
name and using the proposed acronyms in subsequent re-
search efforts (Table 1).

Finally, Table 1 and Supplemental Data, Table S1, demon-
strate that UV filters are a physiochemically diverse group of
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chemicals, indicating that once in the environment their fate
will be UV filter‐specific. This is evidenced by the large range in
log octanol–water partition coefficients (KOW) and solubility.
Solubility estimates (predicted or measured) are variable even
for the same UV filter and are reported for freshwater rather
than seawater, which is expected to result in lowered UV filter
solubility (Xie et al. 1997). Furthermore, the fate of UV filters in
the environment is influenced by a number of chemical and
physical factors (e.g., salinity), as described in Supplemental
Data, Text S5. The differences in physicochemical parameters
in a particular environment, in addition to the structural dis-
similarity between UV filters (Supplemental Data, Table S1), are
likely to affect the relative toxicity of these compounds, limiting
the ability to “read across” effect or fate information between
data‐rich and data‐poor compounds. Overall, relatively little is
known about the fate of UV filters in the environment despite
the importance of these fate processes in determining their
bioavailability to aquatic organisms, and further studies are
recommended.

UV filter environmental occurrence near coral
reefs

We have identified only a handful of exposure studies re-
porting measured environmental concentrations (MECs) of UV
filters in the water column near coral reefs (n= 12), in sediment
(n= 4), and within coral tissue (n= 2), which are summarized in
Tables 2 and 3 and Supplemental Data, Table S2. The current
data set is limited but can still provide initial insight into the

environmental occurrence and distribution of UV filters in and
around reef systems. By limiting the data set to relevant reef
exposure, we aim to characterize the exposure that coral
is most likely to experience, which from a risk‐assessment
perspective is desirable.

Methods of UV filter sampling and analysis. The most
common analytical instrument used to detect and quantify UV
filters was liquid chromatography coupled with tandem mass
spectrometry (LC‐MS/MS), accounting for 75% of studies, with
the remainder analyzed by gas chromatography‐MS. Details
on all analytical detection and extraction methods used
for seawater analyses can be found in Supplemental Data,
Table S3. 33% of these studies were based on the methods
reported by Tsui et al. (2014). Limits of detection (LOD) were
largely similar among studies, although varying levels of an-
alyte recovery (as percentages) were observed when reported
(Supplemental Data, Table S4). Differences in recovery could
be explained by the specific extraction method employed
(see Cadena‐Aizaga et al. 2020). Ideally, recovery should
fall between 70 and 120%, and outside this range the reli-
ability of results is impaired (Boix et al. 2015). Bargar et al.
(2015) noted significant analyte losses for 3 analytes (ethyl-
hexyl dimethyl para‐aminobenzoic acid [EDP], octocrylene
[OC], and homosalate [HMS]), with recoveries falling below
11%, and so did not correct data sets for analyte recovery.
Tsui et al. (2014) reported acceptable recoveries for all com-
pounds except EHS (63%), whereas Mitchelmore et al. (2019)
reported low recoveries for both EHS and HMS in seawater
from some sites, although actual recoveries for all UV filters

FIGURE 1: Potential sources and routes of entry of organic ultraviolet filters into the aquatic environment. Images are from the Integration and
Application Network, University of Maryland Center for Environmental Science (ian.umces.edu/imagelibrary/), with specific author credits being
Caroline Wicks (wastewater treatment plant), Jane Thomas (septic), Joanna Woerner (snorkler and coral), Jane Hawkey (factory, sediment, and
shrimp), and Tracey Saxby (runoff and coral).
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were not provided. Interestingly, analytical difficulties with
both EHS and HMS were also reported in a recent freshwater
study by O'Malley et al. (2021); neither could be quantified
because of poor calibration and sensitivity resulting in LODs
>10 000 ng/L.

The reporting of key elements needed to determine the
reliability of the analytical methods and, hence, data quality
varies. The LOD or method detection limit (MDL) was either
missing (Horricks et al. 2019) or reported as a range for all
compounds (Goksøyr et al. 2009; Tashiro and Kameda 2013;
Kung et al. 2018), both of which are problematic because an
LOD is essential to put nondetect results in context or to left‐
censor data (Antweiler 2015). Also absent from several studies
was a limit of quantification (LOQ), the lowest concentration at
which acceptable repeatability of measurements is achieved.
Many calculations are used to generate LOQs, but generally
they are 2 to 5 times higher than the LOD (Furlong et al. 2014;

Supplemental Data, Text S2 and Table S4). The study of Downs
et al. (2016) exemplifies why defining both parameters is crit-
ical. For US Virgin Island seawater samples analyzed via LC‐MS,
the reported LOD was 100 ng/L, whereas the LOQ was 50 times
higher (5000 ng/L). Firstly, this is an extraordinarily large margin
between these parameters; and secondly, it meant that 46% of
their samples could not be confidently quantified, just de-
tected, albeit at much higher concentrations than reported in
other studies (Figure 2). Another common issue was a lack of
blank reporting, necessary to distinguish cross‐laboratory or
field contamination. Only 25% of studies reported a meth-
odological blank, whereas a field blank was only reported in a
single study (Mitchelmore et al. 2019). Furthermore, matrix
spikes, essential for quantifying matrix effects that commonly
occur in environmental samples and can significantly impair the
reliability of quantitative results, were conducted in only 50% of
studies (see Supplemental Data, Table S3).

TABLE 2: Concentrations of organic ultraviolet filters reported in sediments (nanograms per gram dry wt) at sites near coral reefs: The median,
range, and detection frequency are provided for each compound at each site reported

Mitchelmore et al. (2019)a Tsui et al. (2015) Tsui et al. (2017) Apel et al. (2018)b

Compound Median (Range) DF (%) Median (Range) DF (%) Median (Range) DF (%) Median (Range) DF (%)

BP‐3 0.05 (<LOD–4.3) 79 4.1 (<LOD–39.8) 32 8.1 (4.2–17.8) 100 <LOD 0
EHMC <LOD (<LOD–12.7) 37 7.4 (<LOD–447) 85 <LOD 0 <LOQ (<LOD–0.24) 21
OC 0.64 (<LOD–19.8) 68 5.0 (<LOD–15.6) 19 2.1 (<LOD–3.1) 57 0.83 (<LOD–25) 46
HMS 5.05 (0.08–38.5) 100 <LOD 0 <LOQ (<LOD–0.94) 32
EDP <LOD 0 19.5 (<LOD–150) 70 3.4 (<LOD–8) 57 <LOD (<LOD–0.004) 4
4‐MBC <LOD (<LOD–<LOQ) 11 <LOD 0 <LOD 0 <LOD 0
EHS 2.65 (0.16–19.6) 100 <LOD 0 0.16 (<LOD–1.35) 45
AVO <LOQ (<LOD–6.9) 53 9.7 (<LOD–64.5) 72
TEAS <LOD (<LOD–<LOQ) 5
BP‐1 2.1 (<LOD–14.6) 66 <LOD 0
BP‐8 <LOD 0 10.5 (<LOD–62.2) 81 <LOD 0

aMitchelmore et al. (2019) found <LOD for cinoxate, phenylbenzimidazole sulfonic acid, BP‐4, and isoamyl p‐methoxycinnamate (IPM).
bApel et al. (2018) also found <LOD for IPM.
Sample sites included per study: n= 19, Mitchelmore et al. (2019); n= 47, Tsui et al. (2015); n= 7, Tsui et al. (2017); n= 74, Apel et al. (2018). A detailed explanation for
how these data were summarized is provided in Supplemental Data, Text S6.
AVO= avobenzone; BP= benzophenone; DF= detection frequency; EDP= ethylhexyl dimethyl para‐aminobenzoic acid; EHMC= ethylhexyl methoxycinnamate;
EHS= ethylhexyl salicylate; HMS= homosalate; LOD= limit of detection; LOQ= limit of quantification; 4‐MBC= 4‐methylbenzylidene camphor; OC= octocrylene;
TEAS= triethanolamine salt of salicylate.

TABLE 3: Concentrations of organic ultraviolet filters reported in corals (nanograms per gramwet wt or dry wt)a

Mitchelmore et al. (2019)b Tsui et al. (2017)c

Compound Median (Range) DF (%) Median (Range) DF (%)

BP‐3 33.8 (5.8–241) 100 9.9 (5.1–21.4) 100
EHMC <LOD 0 <LOD 0
OC 48.4 (31.3–262) 100 <LOD (<LOD–3.7) 43
HMS 341 (189–441) 100
EDP <LOD 0 <LOD (<LOD–4.1) 14
4‐MBC <LOD (<LOD–32) 21 <LOD 0
EHS 331 (210–527) 100
AVO 43.5 (<LOD–170) 63
BP‐8 <LOD 0 8.3 (3.8–12.3) 100

aThe median, range, and detection frequency are provided for each compound at each site reported.
bMitchelmore et al. (2019) found <LOD for cinoxate, triethanolamine salt of salicylate, phenylbenzimidazole sulfonic acid, and BP‐4. Values are for dry weight.
cTsui et al. (2017) also found <LOD for BP‐1 and BP‐4. Values are for wet weight.
Sample sites included per study: n= 19, Mitchelmore et al. (2019); n= 7, Tsui et al. (2017). A detailed explanation of how these data were summarized is provided in
Supplemental Data, Text S7.
AVO= avobenzone; BP= benzophenone; DF= detection frequency; EDP= ethylhexyl dimethyl para‐aminobenzoic acid; EHMC= ethylhexyl methoxycinnamate;
EHS= ethylhexyl salicylate; HMS= homosalate; LOD= limit of detection; 4‐MBC= 4‐methylbenzylidene camphor; OC= octocrylene.
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Important components of analytical method quality assur-
ance and control, such as internal standards, standard addition,
or matrix‐matched calibration, were lacking in 5 studies, raising
concerns over the reliability of their results (i.e., Tashiro and
Kameda 2013; Downs et al. 2016; Shaap and Slijkerman 2016;
Kung et al. 2018; Horricks et al. 2019). Issues with sample
storage and collection were also noted. For example, pre-
cleaned glass bottles should be used to collect organic con-
taminant samples to reduce the possibility of losses due to
sorption to the container walls or leaching of chemicals from
the container. Horricks et al. (2019) reported using a plastic
container, whereas this detail was absent from 2 studies
(Tashiro and Kameda 2013; Tsui et al. 2017). Furthermore,
storage temperatures and timing between collection, proc-
essing, and analysis are often not reported. In some studies,
excessive storage times may have influenced the results (e.g.,
Tsui et al. 2019).

Another major analytical issue is whether concentrations
reported in seawater represent the total or dissolved fraction.
This is particularly important because several of the UV filters
(e.g., OC, EHMC, EHS, and HMS) are highly hydrophobic
(log KOW > 6), indicating a high likelihood of partitioning to
particulates or organic matter. Method 1694 (US Environ-
mental Protection Agency 2007) recommends filtration if

there are any visible particles and that the sample should be
treated as a 2‐phase sample, dissolved and particulate frac-
tions. Many studies did not conduct this filtration or report
whether filtration had been conducted (see Supplemental
Data, Table S3). Therefore, comparisons between studies are
complicated because hydrophobic UV filters are likely to be
present in both the dissolved and the particulate fractions
(Benedé et al. 2014). Extracting whole (total fraction) water
samples represents an unknown exposure given that the
proportion from each fraction is not known and analytical is-
sues including column blockage or incomplete extraction may
occur. Furthermore, bioavailability for filter feeders (e.g.,
corals) could constitute both fractions. Ultimately, implications
include the under‐ or overreporting of coral exposure and
ultimately toxicity through passive or dietary routes. However,
it is common for toxicity thresholds to be related to the dis-
solved fraction (e.g., Organisation for Economic Co‐operation
and Development [OECD] standard tests on daphnia, fish,
and algae) because this is considered to be the readily
bioavailable fraction.

Although sampling designs varied, all studies collected
individual grab samples, in most cases without replication
(Supplemental Data, Table S2). This is problematic because
replicate samples are necessary to help determine whether

FIGURE 2: Summary of oxybenzone near‐reef water column concentrations globally. Left: Box plots include the median and are comprised of the
minimum to maximum sample concentrations reported in each study (for values, see Supplemental Data, Table S2). The percentage detection
frequency is provided above each box. Samples per study: n= 12, Downs et al. (2015); n= 8, Kung et al. (2018); n= 3, He et al. (2019b); n= 22,
Bargar et al. (2015); n= 36, Tsui et al. (2014); n= 7, Tsui et al. (2017); n= 32, Tashiro and Kameda (2013); n= 36, Tsui et al. (2019); n= 19,
Mitchelmore et al. (2019); n= 7, Horricks et al. (2019). 1) Six values fell between the limit of detection (100 ng/L) and the limit of quantification
(5000 ng/L); 2) 36 samples were collected, but the paper only reported median, range, and detection frequency. Right: Global distribution of
oxybenzone samples collected: (A) Hong Kong, (B) Hawaii, (C) Taiwan, (D) US Virgin Islands, and (E) Japan. Circle colors correspond to the study,
while size provides an indication of concentration magnitude. LOD= limit of detection.
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sample contamination or degradation has occurred during
collection, storage, processing, and analysis. In addition,
replicates capture the inherent variability within the system
over short time frames and/or distances, improving sample
representativeness (US Geological Survey 2006). The grab
sampling approach is considered a “snapshot sampling” (Imhof
et al. 2017); therefore, it is important to improve the
representativeness of this approach by including replicates. To
date, only 2 studies have included sample replicates: Tsui et al.
(2014) used duplicates, and Mitchelmore et al. (2019) used a
triplicated sampling regime at each site (Supplemental Data,
Tables S2 and S3).

Overall significant issues were identified in the reporting
and sampling design of several monitoring studies, reducing
confidence in the concentrations reported and significantly
diminishing their appropriateness for characterizing exposure
within a risk assessment (Leonards et al. 2013).

Occurrence of organic UV filters in seawater near coral
reefs. The occurrence (exposure) data for UV filters in
seawater near coral reefs are mainly shallow and nearshore;
2 studies (Tsui et al. 2017; Horricks et al. 2019) reported
concentrations at the depth of the coral, and an additional
3 studies collected surface microlayer samples (Goksøyr
et al. 2009; Bargar et al. 2015; Schaap and Slijkerman 2018). In
total, the occurrence of 14 UV filters has been investigated,
with BP‐3 being the only compound to be included in all
studies (see Supplemental Data, Table S2).

Chemical monitoring (exposure) data for BP‐3 are summar-
ized in the left panel of Figure 2 and the global distribution of
these measurements in the right panel (e.g., Figure 2A–E). The
average detection frequency of BP‐3 per study was 76%,
making it the second most frequently detected compound; OC
was higher, 85% (Figure 3B). The median concentration of BP‐3
generally fell roughly between 1 and 100 ng/L, with a couple
exceptions (e.g., Downs et al. 2016; Kung et al. 2018), in-
dicating that in general BP‐3 concentrations near reefs are low.
Besides Downs et al. (2016), Tsui et al. (2014) reported the
largest concentration range at their near reef sites near Hong
Kong, but this level of variability was not observed in their later
sampling of similar sites (Tsui et al. 2019). The study by Downs
et al. (2016) appears to be an outlier because their 5 quanti-
tative detections range from 1 to 3 orders of magnitude higher
than any other BP‐3 measurement. Mitchelmore et al. (2019)
studied similar sites in Hawaii and Bargar et al. (2015) in the US
Virgin Islands (Figure 2B). Both reported significantly lower
maximum BP‐3 concentrations, 143 and 6143 ng/L, re-
spectively, compared with Downs et al. (2016) at 19 200 and
1 395 000 ng/L for Hawaii and the US Virgin Islands, re-
spectively. This latter value is exceptionally high given that total
dissolved organic carbon in seawater near coral reefs typically
ranges from 0.8 to 1.0mg/L (Hata et al. 2002; Yahel et al. 2003;
de Goeij and van Duyl 2007; Nelson et al. 2011; Tanaka
et al. 2011).

The remaining UV filter concentrations reported per study
are summarized in Figure 3. The average detection frequency
was variable between studies and compounds, ranging from

28% (BP‐8) to 85% (OC), but mainly they were below 60%. The
only compounds with detections that exceeded 1000 ng/L (with
the exception of BP‐3) were EHMC, OC, and HMS, all reported
by Tsui et al. (2014) and, in the case of HMS, Bargar et al.
(2015). The variable detection frequencies could be indicative
of regional patterns of UV filter occurrence, possibly driven by
differences in UV filter usage and/or environmental inputs. The
median concentration for all compounds in all studies con-
ducted fell near or below 100 ng/L, indicating that for all UV
filters studied thus far, concentrations present near coral reefs
are in the low nanograms per liter range (Figure 3; Supple-
mental Data, Table S2). However, it is clear that there is high
variability among samples and studies. This variability could be
attributed to numerous factors including sampling location,
time, depth, and sample collection and analysis. A handful of
authors have attempted to attribute their observed UV filter
variability to anthropogenic activity. For example, Tsui et al.
(2014) found higher concentrations in the dry as opposed to
the wet season, which correlated with recreational activity.
Bargar et al. (2015) also reported higher values in the high‐
versus low‐tourist season, and Mitchelmore et al. (2019)
observed the highest concentration of BP‐3 at the most rec-
reationally impacted site, Waikiki Beach (Oahu, HI, USA). On
the other hand, the correlation between beachgoers and UV
filter concentrations was not always present. For example,
some of the highest concentrations of OC, EHS, and HMS were
observed at a site where no people were present (Mitchelmore
et al. 2019), which suggests other sources of UV filters at that
location. Although temporal variations have been shown, sea-
sonal and finer‐scale temporal analyses (i.e., diurnal) have been
limited (e.g., Labille et al. 2020).

Although limited, investigations into sampling depth and
distance from shore have also been conducted, highlighting
spatial variation in UV filters. Two studies found concentrations
decreasing with increasing distance from shore (Bargar
et al. 2015; Mitchelmore et al. 2019). Tsui et al. (2017) found
that BP‐3 concentrations at coral depth were 30 times less
compared with their previous surface water study (i.e., Tsui
et al. 2014), highlighting that using surface concentrations to
estimate coral exposure is likely an overestimate and therefore
conservative. It has been suggested that UV filter concen-
trations would be highest at the surface microlayer, but the
evidence to date is limited and unclear (e.g., Goksøyr
et al. 2009; Bargar et al. 2015; Schaap and Slijkerman 2018).
The majority of coral reefs would not be exposed to this layer
except possibly in shallow, well‐mixed, high‐energy locations;
but the surface microlayer has direct implications for coral
larvae because gametes and larvae are released into the very
shallow surface layers at night during spawning activities
(Downs et al. 2016; Schaap and Slijkerman 2018). These find-
ings have implications for the robust design of coral monitoring
programs because samples collected in the nearshore beach
zone may not reflect those concentrations at reefs located
farther from the immediate beach area, particularly in open and
well‐mixed, high‐energy coastal locations. Shorter‐term tem-
poral trends (e.g., diurnal) should also be considered, to gain a
better understanding of local environmental fate (e.g.,
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degradation, flushing time) and assessing exposure during key
spawning activities in the surface microlayer.

Occurrence of UV filters in sediment. Currently, there are
far fewer monitoring data available for UV filters in marine
sediments rather than the water column, and they are sum-
marized in Table 2 (also see Supplemental Data, Text S6).
Coral uptake from sediment could be an important pathway of
UV filter exposure, particularly in areas of high wave activity
where sediments can be continually resuspended. Overall,
12 UV filters have been investigated in sediment among the
4 studies, with concentrations generally in the low to sub-
nanograms per gram dry weight range. Tsui et al. (2015) re-
ported the highest maximum sediment concentrations: EHMC
(447 ng/g dry wt) followed by EDP (150 ng/g dry wt). Tsui et al.

(2015) also reported the highest median sediment concen-
trations across studied UV filters with only one, EDP, ex-
ceeding 10 ng/g dry weight. A consistent pattern of detection
for any one compound does not emerge across the studies;
however, OC was the only compound detected frequently
enough for the median concentration to be above the LOD in
each study (Table 2). Generally, the more hydrophobic UV
filters (EHMC, EDP, OC, and EHS) were more frequently de-
tected, but this was not consistent. For example, HMS and
EHS (log KOW > 6.3) were detected in 100% of samples by
Mitchelmore et al. (2019) but at a much lower frequency and
concentration by Apel et al. (2019) and not at all by Tsui et al.
(2015, 2017). This could in part be due to regional differences
in UV filter emissions between these studies. The type of
sediment sampled may also play a role. For example,

FIGURE 3: Summary of near‐reef water column ultraviolet (UV) filter concentrations globally for (A) ethylhexyl methoxycinnamate, (B) octocrylene,
(C) homosalate, (D) ethylhexyl salicylate, (E) benzophenone‐8, (F) 4‐methylbenzylidene camphor, (G) ethylhexyl dimethyl para‐aminobenzoic acid,
and (H) avobenzone. Box plots include the median and are comprised of the minimum to maximum sample concentrations reported in each study
(for values, see Supplemental Data, Table S2). The percentage detection frequency is provided above each box. Samples per study: n= 12, Downs
et al. (2015); n= 8, Kung et al. (2018); n= 3, He et al. (2019b); n= 22, Bargar et al. (2015); n= 36, Tsui et al. (2014); n= 7, Tsui et al. (2017); n= 32,
Tashiro and Kameda (2013); n= 36, Tsui et al. (2019); n= 19, Mitchelmore et al. (2019); n= 7, Horricks et al. (2019). 1) Six values fell between the
limit of detection (100 ng/L) and the limit of quantification (5000 ng/L); 2) 36 samples were collected, but the paper only reported median, range,
and detection frequency. The UV filter abbreviations are listed in Table 1.
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Mitchelmore et al. (2019) reported no correlation between
seawater and sediment concentrations. However, sediment
concentrations did significantly differ between sites, likely as a
result of variable sediment organic fractions. Mitchelmore
et al. (2019) anecdotally observed that finer, siltier, more or-
ganic sediment corresponded with higher concentrations
of many UV filters compared to the more sandy, organic
material–poor sediments at the other sites.

Overall, in sediments more hydrophobic compounds appear
in higher concentrations, but one of the least hydrophobic UV
filters studied, BP‐3 (log KOW 3.45), was detected in all 4 of the
studies. Many questions in terms of UV filter sediment exposure
and fate are yet to be answered, particularly from a risk‐
assessment perspective where the implication of the sediment
exposure pathway is unknown.

Occurrence of UV filters in coral. Concentrations found in
the tissues of resident aquatic organisms can be seen as a
necessary prerequisite for an adverse effect to occur. There are
only 2 studies that have investigated the concentration of UV
filters in field‐collected coral tissues (Table 3; Supplemental
Data, Text S7; Tsui et al. 2017; Mitchelmore et al. 2019).
Oxybenzone was detected in 100% of the coral samples
collected by both authors, but neither study found a median
concentration above detection limits for EHMC, EDP,
4‐methylbenzylidene camphor (4‐MBC), BP‐4, triethanolamine
salt of salicylate, or phenylbenzimidazole sulfonic acid. This
could be explained by relatively lower concentrations and
more nondetects in the water column compared to BP‐3
(Figure 3). Further, relative coral tissue concentrations of EHS
and HMS coincide with the trends observed in the water
column (i.e., highest medians) in Mitchelmore et al. (2019), but
they also have the highest log KOW (i.e., >6.3). In contrast to
Mitchelmore et al. (2019), Tsui et al. (2017) recorded fewer
coral tissue UV filter detections for OC and 4‐MBC; but direct
concentration comparisons are complicated because of dif-
ferent reporting values (i.e., concentration per dry or wet wt of
coral tissue). When corrected to wet weight, similar tissue
concentrations emerged despite regional differences in
sampling location and species (see Mitchelmore et al. 2019).
For example, BP‐3 concentrations per site reported by
Mitchelmore et al. (2019) ranged from 5.8 to 241 ng/g dry
weight (estimated as 1.1–46.3 ng/g wet wt). This is similar to
the 2.8 to 31.8 ng/gwet weight range reported for BP‐3 by Tsui
et al. (2017). The second highest detection and concentration
reported by Tsui et al. (2017) was for BP‐8 (i.e., up to 24.7 ng/g;
detection frequency 86%), which was not detected by
Mitchelmore et al. (2019). It is possible that UV filter concen-
trations in corals may be influenced by biotic factors relating to
the coral species or time of year; for example, lipid content, an
important factor in driving uptake of organic chemicals, is
known to vary both temporally and between species of coral
(Imbs 2013). Furthermore, differences may relate to metabo-
lism, as suggested by Tsui et al (2017), with BP‐8 and BP‐1
being derived from BP‐3. Additional research is recommended
to address this metabolic potential and to determine the
toxicity of these products in comparison to the parent

compounds. Bioaccumulation of UV filters is beyond the scope
of this review because modeling approaches and controlled
laboratory uptake and depuration studies in coral species (e.g.,
Pawlowski et al. 2019) need to be conducted and analyzed
along with the field data presented herein prior to refining and
estimating coral uptake and bioaccumulation.

TOXICITY OF ORGANIC UV FILTERS TO
CORAL

A total of 9 studies (6 since 2019) have investigated the
toxicity of organic UV filters on larval and adult (fragments/
nubbins) life stages of intact corals employing a range of bio-
logical endpoints including mortality, growth, photosynthetic
yield, and most commonly, bleaching (Supplemental Data,
Table S5). Coral is a nonstandard ecotoxicological test species,
and no standardized guidelines exist to conduct toxicity tests
and identify or quantify the responses to chemical exposure.
Furthermore, coral availability, permitting requirements, and
suitability to laboratory culture may limit their use as well. In the
present section we review the nature of coral toxicological test
systems and the results obtained for UV filters.

Exposure and test conditions. Toxicity studies have been
conducted in 7 coral species using either adult fragments,
early‐life stages (i.e., larvae/planula), or both. They include
short‐term (acute) and longer‐term (chronic) exposures, al-
though the concentrations used, exposure times, solution re-
newal, and endpoints assessed vary significantly among
studies (see Figures 4 and 5; Supplemental Data, Table S5).
The majority of experiments were conducted using Pocillopora
damicornis (36% of endpoints) and Seriatopora caliendrum
(31% of endpoints; Figure 4), which can be mainly be attrib-
uted to the studies of He et al. (2019a, 2019b) although Stien
et al. (2019, 2020) also worked with P. damicornis. Fel et al.
(2019), Downs et al. (2016), and Wijgerde et al. (2020) all
worked with Stylophora pistillata. Danovaro et al. (2008) chose
to work mainly with Acropora at the genus level, whereas
Wijgerde et al. (2020) worked with Acropora tenuis. The variety
of species and life stages tested is beneficial from a risk‐
assessment perspective because they provide insight into the
interspecies and life‐stage sensitivity of coral to UV filter ex-
posure. Corals are often described as sensitive compared to
other marine species, although species sensitivity distribution
curves have not always shown that (see Bejarano 2018).
Furthermore, the early life stages of organisms have also been
described as more sensitive compared to adults. Differential
impact of UV filters in 2 species was highlighted by He et al.
(2019a, 2019b), who also concluded that adult was the most
sensitive life stage, in contrast to the discussion by Downs et al.
(2016). Similarly, although both species were unimpacted by
exposure to 0.06 µg/L BP‐3 (i.e., no mortality or impact on
growth after 6‐wk exposure), Wijgerde et al. (2020) demonstrated
that A. tenuis was more sensitive to temperature elevations than
was S. pistillata.

In terms of number of studies and endpoints reported, BP‐3
was studied the most often (i.e., in 67% of the studies, 28% of
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endpoints; Figure 4B), followed closely by OC, BP‐8, and BP‐1,
largely because of the numerous ecotoxicological responses
studied by He et al. (2019b) in both larvae and adults in 2 coral
species. Five different authors studied OC, resulting in 12% of
the total endpoints in Figure 4B. On the other hand, EHMC,
despite being included in regulatory developments sur-
rounding UV filters and coral, has only appeared in 2 studies
(i.e., 22% of studies and 10% of endpoints in Figure 4B) to date
(Danovaro et al. 2008; He et al. 2019a).

A variety of acute (i.e., mortality) and chronic endpoints were
studied in the toxicity tests; however, the duration of these tests
were variable, and the justification for these durations, biological
endpoints, and toxicity thresholds reported is unclear. For ex-
ample, the duration of the chronic tests varied from 35 to 41 d,
and endpoints included mortality, growth, algal density, micro-
biome changes, and photosynthetic efficiency (Fel et al. 2019;
Wijgerde et al. 2020). Meanwhile acute studies ranged from 8 h
to 14 d and included the endpoints of mortality, larval settle-
ment, algal density, bleaching, deformity, DNA damage, me-
tabolomic changes, and polyp retraction (Danovaro et al. 2008;
Downs et al. 2016; He et al. 2019a, 2019b; Stien et al. 2019,
2020). Chronic studies aim to capture a representative portion of
a sensitive life stage and generally study sublethal endpoints
pertaining to reproduction and growth. For example, 7‐ to 21‐d
tests are conducted for invertebrates (Organisation for Economic
Co‐operation and Development 2012; US Environmental

Protection Agency 2016), 4‐d tests for algae (Organisation
for Economic Co‐operation and Development 2011), and
approximately 30‐d tests for fish (Organisation for Economic
Co‐operation and Development 1992); and either a NOEC or
an EC10 is derived. Interestingly, a growth endpoint was in-
cluded in only 2 studies (McCoshum et al. 2016; Wijgerede
et al. 2020), whereas He et al. (2019b) included endpoints
related to reproduction in their acute exposures (i.e., larval
settlement). The He et al. (2019a, 2019b) experiments,
despite being 7 to 14 d in length, appear to be defined as an
acute study given that assessment factors to convert their data
in the risk assessment are used. In contrast, acute endpoints
are normally associated with short‐term, up to 4‐d, exposures
and aim to derive either an EC50 or more usually an LC50.
Mortality was included in longer‐term exposures, for example,
by He et al. (2019a, 2019b) in their 7‐ to 14‐d tests in both
larvae and adult corals and by Wijgerde et al. (2020) in their
41‐d study. Meanwhile, Fel et al. (2019) reported mortality but
instead as a validity criterion for their 5‐wk exposures rather
than a NOEC or an LC50. Meanwhile, Downs et al. (2016)
characterized mortality in coral larvae exposed to BP‐3 in an
acute exposure (24 h), whereas Danovaro et al. (2008) failed
to report exposure duration for characterization of their
bleaching endpoint entirely. These differences in test length
could be necessary depending on the particular coral species;
however, studying lethal and sublethal endpoints over the

FIGURE 4: Summary pie charts of coral toxicity test characteristics including (A) species tested, (B) endpoints per ultraviolet (UV) filter, and (C)
endpoints studied. Note: McCoshum et al. (2019) could not be included in plot B because they used a formulation which included multiple UV filters
in their experiment. Species are Pocillopora damicornis, Seriatopora caliendrum, Stylophora pistillata, Acropora pulchra, and Acropora tenuis.
AVO= avobenzone; BEMT= bis‐ethylhexyloxyphenol methoxyphenyl triazine; BP= benzophenone; DBT= diethylhexyl butamido triazone;
DHHB= diethylamino hydroxybenzoyl hexyl benzoate; DT= drometrizole trisiloxane; EHMC= ethylhexyl methoxycinnamate; EHS= ethylhexyl
salicylate; ET= ethylhexyl triazone; HMS= homosalate; MBBT=methylene bis‐benzotriazolyl tetramethylbutylphenol; 4‐MBC=
4‐methylbenzylidene camphor; OC= octocrylene; TDSA= terephthalylidene dicamphor sulfonic acid.

976 Environmental Toxicology and Chemistry, 2021;40:967–988—C.L. Mitchelmore et al.

© 2021 The Authors wileyonlinelibrary.com/ETC

D
ow

nloaded from
 https://academ

ic.oup.com
/etc/article/40/4/967/7734588 by guest on 13 June 2025



same test duration signals an exploratory investigation rather
than a definitive toxicological test.

The specific design of the toxicity test directly impacts the
exposure concentration and duration of exposure, which are
critical variables in defining toxicity. How test exposure sol-
utions are made and how often they are renewed or maintained
ultimately influence the concentration that the organism is ex-
posed to, particularly for chemicals that may rapidly hydrolyze,
photodegrade, or bind to test chambers or are taken up rapidly
by the test organism. The majority of coral UV filter studies
(89%) have employed a static (no renewal of test solution; e.g.,
Downs et al. 2016; He et al. 2019a, 2019b) or a static renewal‐
type exposure (i.e., once a week; Fel et al. 2019). This is
problematic for maintaining analyte concentration and poten-
tially coral health (discussed in the section Common meth-
odological issues with characterizing UV filter hazard to coral).
An exception to this is the study by Wijgerde et al. (2020),
which states using a flow‐through exposure system; however,

the setup reported by the authors indicates a static renewal. A
typical flow‐through system would renew the new test solutions
for a complete exposure renewal of 100% a number of times a
day and would be beneficial because it would reduce the
complications of UV filter loss and potential increases in de-
gradates/metabolites and maintain water quality parameters
for optimal coral health.

Common methodological issues with characterizing UV
filter hazard to coral. After reviewing the study designs and
methodological details of the limited number of coral ecotox-
icological studies, several major themes emerged that together
could limit their usefulness for reliably characterizing the impact
of UV filters on coral and thus their adequacy for risk assess-
ment and ultimately decision‐making.

One of the most significant problems identified with the
ecotoxicity studies was a lack of analytical verification of ex-
posure concentrations with the exception of the 2019 and 2020
studies, although even these studies conducted verification at a
frequency that does not permit accurate assessment of the ex-
posure concentration over the duration of the exposure (Fel
et al. 2019; He et al. 2019a, 2019b; Wijgerde et al. 2020). For
example, Fel et al. (2019) collected a sample 2 h after analyte
introduction to the test system (which was once a week), but the
frequency of sample collection beyond that is unclear because it
varied from 3 to 20 measures over the 5 wk depending on the
UV filter under study. This is key information because significant
losses in several analytes were observed, for example, 91 and
48% of avobenzone (AVO) and OC, respectively, from an initial
1000 µg/L exposure. He et al. (2019b) sampled at the beginning
(day 0) and the end of the 7‐d adult and 14‐d larvae experi-
ments. They demonstrated that day 0 values closely matched
nominal values for the larval exposures, although they ranged
from 100 to 280% in the adult tests. In the adult exposure after
7 d, all BP‐4, BP‐1, BP‐3, and BP‐8 treatments (i.e., up to
1000 µg/L) were <LOD. Similarly, He et al. (2019a) reported day
0 concentrations 90–265% of nominal, but loss over time was
again apparent because EHMC concentrations were 50 to 87%
of nominal on day 1 and <LOD to 2% on day 7. Loss of OC was
not as great: at concentrations of 1 µg/L and higher values were
66 to 200% at day 1 and 24 to 61% at day 7. Loss of BP‐3 was
also observed in the Wijgerde et al. (2020) study, reporting a
measured value of 0.06 compared to the nominal 1 µg/L.

These results indicate 2 issues that need to be addressed in
future toxicity testing. Firstly, UV filters are significantly lost
from test systems, and strategies to maintain exposure
concentrations throughout the test need to be undertaken.
Otherwise, efforts to observe a significant dose–response re-
lationship could become significantly hampered (Moermond
et al. 2017). Secondly, the actual exposure concentration in
studies that did not conduct analytical verification is unknown,
which is particularly important considering the substantial
derivations from nominal values at the start and end of tests
observed. Because exposure is not known, over‐ or under-
estimations of toxicity could inadvertently be reported,
substantially diminishing the reliability of the toxicity data for
risk‐assessment purposes.

FIGURE 5: Coral cumulative endpoint distribution for all ultraviolet
(UV) filters. Symbol shape indicates the test species, symbol color
represents the test compound, and when a symbol is hollow it indicates
the endpoint is a larva rather than adult. All endpoints are no‐
observed‐effect concentrations (NOECs) unless otherwise stated in
parentheses. A cumulative distribution can be interpreted as where
along the x‐axis a NOEC is likely to fall. For example, the 25th per-
centile NOEC is approximately 100 µg/L, whereas the 75th is approx-
imately 1000 µg/L. Endpoints pertain to both acute and chronic tests.
Danovaro et al. (2008), McCoshum et al. (2019), Stien et al.
(2019, 2020), and Wijgerde et al. (2020) did not derive suitable end-
points to include. See Supplemental Data for all endpoint details. All
UV filter abbreviations are listed in Table 1. Species are Pocillopora
damicornis, Seriatopora caliendrum, and Stylophora pistillata. AVO=
avobenzone; BP= benzophenone; DT= drometrizole trisilioxane;
EC50=median effect concentration; EHMC= ethylhexyl methox-
ycinnamate; ET= ethylhexyl triazone; LC50=median lethal concen-
tration; OC= octocrylene; TDSA= terephthalylidene dicamphor
sulfonic acid.
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Further, compared to standard test species, coral are chal-
lenging organisms to keep healthy and thriving in a laboratory
setting, particularly for chronic tests that often require longer
durations for growth differences to be teased out. Usually hard
coral symbiotic species are tested where the animal hosts are in
tightly controlled symbiotic relationships with dinoflagellate
algae of the genus Symbiodinium (in addition to bacteria
forming the holobiont association). Stressors to either one of
the partners have significant impact on the other; for example,
under stress corals often lose their algal symbionts, resulting in
bleaching. Corals require specific lighting conditions, temper-
atures, feeding and nutrition, water quality and flow for
optimal health, which are often species‐ and life stage–specific;
and acceptable variations are often very tightly bound ranges
(e.g., Watanabe et al. 2007). For example, light quantity,
quality (spectral range), and photoperiod impact coral growth
rate, symbiont density (bleaching), photosynthetic efficiency,
oxidative stress, and DNA damage (e.g., see Smith and
Birkeland 2007; Schutter et al. 2012; Kuanui et al. 2020). An
essential element many adult corals require is adequate water
flow, influencing bioenergetics (metabolic rates) and ultimately
rate of growth (Sebens et al. 2003; Smith and Birkland 2007;
Schutter et al. 2010). Only 2 studies (Fel et al. 2019; Wijgerde
et al. 2020) maintained flow with pumps and the rate stated
(i.e., 4 or 2.7mL/min, respectively). The studies by He et al.
(2019a, 2019b) and Stien et al. (2019, 2020) used bottles or
beakers and <1 L of exposure medium that was aerated, al-
though it is not clear if the bubbling of air provided any sig-
nificant water flow. Strict temperature control and monitoring
are also required during coral toxicity tests. Brown et al. (2000)
discussed the additive or synergistic influence of warming
seawater and pollutant exposure in the process of coral
bleaching. Indeed, Amid et al. (2018) found additive impacts in
Acropora formosa on photosynthetic capacity when temper-
ature and herbicide exposures were combined. Recently,
Wijgerde et al. (2020) also investigated the impact of elevated
temperature and BP‐3 toxicity to highlight the complexity
of multiple stressor effects in coral and the argument for
multiscale coral reef management (i.e., local through global).

Only in 2 chronic studies were the corals fed (i.e., with
Artemia sp. once a day or week in the Fel et al. [2019] and
Wijgerde et al. [2020] studies, respectively), yet feeding is
known to impact growth and calcification rates and other bio-
logical parameters often reported in coral toxicity tests (i.e.,
chlorophyll content as a proxy for bleaching, protein content;
Ferrier‐Pagès et al. 2003). Overall these findings highlight the
essential need for the monitoring and reporting of water quality
and test conditions, which have been limited or missing in
many studies to date. As with other standard tests, both neg-
ative and positive controls should be included to ensure that
coral health and response are optimal and within expected test
ranges. To date, no study has included a positive control or
repeated an experiment to ensure reproducibility.

Ultraviolet filters are challenging compounds to work with, as
evidenced by their substantial losses from coral test systems, as
previously discussed in this section. Several UV filters are
also poorly soluble (Table 1), so a solvent may be required

to get them into solution at the high concentrations required
for the test (Organisation for Economic Co‐operation and
Development 2019b). Solvents could exert an unintended ef-
fect; therefore, a solvent control in addition to a negative con-
trol (i.e., seawater only) is needed to distinguish between any
unintentional abnormalities or effects induced by solvent ex-
posure. A number of solvents have been employed; 3 studies
used methanol (Fel et al. 2019; He et al. 2019a, 2019b), whereas
Danovaro et al. (2008) used propylene glycol. Three studies
(Downs et al. 2016; Stien et al. 2019; Wijgerde et al. 2020) used
dimethysulfoxide (DMSO), which is problematic because it can
enhance biological uptake of the test substance, an issue that
cannot be addressed with a solvent control. For example, Kais
et al. (2013) found that >0.1% DMSO increased the uptake of
fluorescein into fish embryos and recommended that a max-
imum of 0.01% DMSO be used in the fish embryo test, as in-
dicated by the Organisation for Economic Co‐operation and
Development (2019b). The studies by Stien et al. (2019, 2020)
used very high concentrations of DMSO (i.e., 0.25% v/v con-
centration) in comparison to the 5× 10−4% v/v used by Downs
et al. (2016) and the 0.01% v/v used by Wijgerde et al. (2020),
although it should be noted that the latter study did not include
a negative control in its experimental design. A 33%mortality of
Acropora tenuis was observed in the solvent control for the
study; but without a true negative control (i.e., no solvent), it is
unclear if this mortality is due to the solvent or just the unsuit-
ability of the species to long‐term laboratory exposures. This
brings back the need for the development of a standard toxicity
test for coral species because a >20% mortality rate is un-
acceptable in any chronic standard invertebrate test species
test (e.g., US Environmental Protection Agency 1996, 2016;
Organisation for Economic Co‐operation and Development
2012). Furthermore, DMSO is a powerful antioxidant (Sunda
et al. 2002); therefore, its inclusion in a test investigating oxi-
dative stress (e.g., Downs et al. 2016) is a confounding factor.

Another problem identified was a lack of clarity over the
concentration and/or mixture of sunscreen ingredients to which
coral were exposed. The Danovaro et al. (2008) study is of
limited utility because the concentrations of BP‐3 and EHMC
are unclear; they report nominal volume to volume concen-
trations with no information on preparation or purity of the
dosing stock. A similar problem was encountered with
McCoshum et al. (2016), where volume to volume exposure
concentrations of a sunscreen are reported. Their study design
also renders their data of limited value given that the coral is
exposed to 2 concentrations of a sunscreen product containing
BP‐3, HMS, EHS, OC, and AVO, so it is impossible to determine
whether any effects observed were specifically attributable to
any particular UV filter and/or other inactive ingredients.

Only 2 of the 3 acute studies derived an EC50 or LC50
(Downs et al. 2016; He et al. 2019b). This is a result of the
concentration spacing, number, and range of test treatments
included. For example, He et al. (2019b) included a variety of
endpoints using a single dosing range (0.1–1000 µg/L) and
number of treatments which resulted in either a NOEC at the
highest concentration tested (HNOEC) or a LOEC, with the
exception of larval settlement which resulted in an EC50 for
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BP‐1 and BP‐8. This demonstrates that, for the majority of their
endpoints, the dosing range needed to be adjusted for de-
finitive statistical endpoint derivation (i.e., EC[LC]50). Indeed,
the authors report that their exposure is acute based on their
risk assessment and derivation of a single EC50. On the other
hand, the length of their exposure (7–14 d) and the variety of
sublethal endpoints mixed in with the lethal adult and larval
endpoints provide further confusion over the nature of this test.
This is an important consideration because chronic and acute
data are used differently in a risk assessment; different end-
points are derived, NOEC and EC10 (chronic test) or EC(LC)50
(acute test); and assessment factors are used, which could
significantly impact the outcome of a risk assessment. Downs
et al. (2016) studied mortality and deformation in planulae,
deriving an LC50 and EC50 under both light and dark con-
ditions. Under light conditions, BP‐3 was more toxic, but it
should be noted that the reliability of these endpoints is di-
minished because the test concentrations do not adequately
bracket the EC50/LC50 (e.g., the endpoints fall between the
2 lowest concentrations tested, whereas all higher‐concentration
treatments resulted in 100% mortality or deformation) impairing
the accuracy of their results (Moermond et al. 2016).
Furthermore, the study highlights statistical problems and
toxicological data reporting inconsistencies between the text,
figures and tables. For example, in 8‐h BP‐3 in the light ex-
posures a sub‐lethal endpoint (i.e. deformation EC50s) occurs at
higher concentrations than mortality (LC50s) and a 24‐h light
LC50 is listed at 2 orders of magnitude lower (i.e., 1.39 µg/L)
than reported in the text (see Table 1 in Downs et al. 2016).
These study designs highlight the need for a range‐finding test
to be followed by a definitive test where a suitable spacing
factor and treatment number can be applied that will appro-
priately bracket statistical endpoints. It also signals a need for a
clear definition of suitable chronic and acute endpoints and
exposure durations to derive coral toxicity thresholds.

A final issue observed is a lack of environmental relevance.
For example, Danovaro et al. (2008) placed coral fragments in
sealed plastic bags containing ultrafiltered (0.02 µm) seawater
and left them in situ so that important parameters like temper-
ature, dissolved oxygen, light, and flowing water could not be
controlled. Another aspect not discussed by authors, with the
exception of Fel et al. (2019), was the relevance of their results
considering solubility. Several endpoints exceed the solubility of
the UV filter under study, a situation highly unlikely to occur in the
environment. For example, He et al. (2019a) reported a polyp
retraction LOEC in response to OC exposure of 1000 µg/L, while
the solubility of OC in freshwater is 40 µg/L (Table 1). Lastly,
Downs et al. (2016) reported data from a coral cell toxicity assay
using isolated calicoblast cells to demonstrate coral species
sensitivity. The 4‐h LC50 values observed in the cell lines were
much lower than the LC50 observed for planulae by the author
for the same species, 42 and 139 µg/L, respectively. The inclusion
of in vitro data is a novel approach, but without a positive control
to demonstrate that the assay works, the validity of the cell lines
as a surrogate measure for whole‐coral toxicity is uncertain, es-
pecially considering the use of the solvent DMSO. Furthermore,
calicoblast cells do not contain the symbiont (see Downs

et al. 2010), and implications for the health of the intact coral
containing multiple cell types need further investigation. The use
of in vitro data rather than whole organisms will in future become
an important aspect of environmental risk assessment, as dis-
cussed in the 21st‐century toxicity testing paradigm (National
Academies of Sciences, Engineering, and Medicine 2017); how-
ever, much work needs to be done before this is a robust alter-
native to whole‐organism testing. For example, the fish embryo
test (OECD 236; Organisation for Economic Co‐operation
and Development 2013) has taken 10 yr to develop, and a
strong correlation with the whole‐fish acute test (OECD 203;
Organisation for Economic Co‐operation and Development
2019a) has been demonstrated. Despite this, the test has yet to
achieve ubiquitous regulatory acceptance (Sobanska et al. 2018).
In addition to in vitro data, molecular endpoints were reported
by Downs et al. (2016), such as DNA damage, are of limited use
in their current form because correlations with known toxico-
logical outcomes are missing. On the other hand, Stien et al.
(2020) recently published a metabolomic profiling technique to
detect stress in coral nubbins exposed to emerging pollutants.
Two out of the 10 UV filters studied showed a metabolomic
signature related to a stress response. Similar to the molecular
endpoints reported by Downs et al. (2016), this stress response is
presented without any correlation to a measurable toxicological
outcome; and therefore, the information the assay provides is of
limited use in a risk‐assessment context.

More generally, positive controls would have been a wel-
come addition to all of the studies to demonstrate that coral
respond appropriately to a known toxicant for a particular
endpoint because these test systems are not well established.
Moving forward, incorporating ecotoxicological good practice
(e.g., Harris et al. 2014; Moermond et al. 2016) would sig-
nificantly improve the quality of future studies, making them
more appropriate for risk assessment and decision‐making.

Distribution and types of ecotoxicity endpoints
and their toxicological significance

The distribution of all ecotoxicity endpoints from the studies
reviewed are presented together in Figure 5 irrespective of test
type (acute or chronic), exposure time, and biological endpoint
tested. All data points correspond to nominal exposures and
are NOECs based on nominal exposures unless otherwise
stated (i.e., LC50, EC50). In total, endpoints from only 4 studies
could be included (Downs et al. 2016; Fel et al. 2019; He
et al. 2019a, 2019b). As discussed, the nature of the He et al.
(2019a, 2019b) studies is not clear (i.e., acute or chronic).
Therefore, in the interest of providing a conservative dis-
tribution of coral toxicological thresholds, the data from these
studies are reported as NOECs, with the exception of the EC50
for larval settlement for BP‐1 and BP‐8 (Figure 5). Two studies
could not be included because the exposure concentration was
not reported in mass to volume or the exposure was to a
sunscreen formulation (Danovaro et al. 2008; McCoshum
et al. 2016). Wijgerde et al. (2020) could not be included be-
cause it consisted of a single UV filter treatment concentration
(also the case for McCoshum et al. 2016) and was not a limit test;
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therefore, no meaningful statistical endpoints can be derived
(e.g., NOEC, LOEC). Another 2 studies only qualitatively eval-
uated a polyp retraction endpoint because they focused on
metabolomic changes rather than deriving a statistical ecotox-
icological endpoint (Stien et al. 2019, 2020). The cell line data
reported by Downs et al. (2016) were not included in Figure 5
because the assays were not validated and it is currently unclear
how in vitro data relate to whole‐organism data, and this should
be further investigated. Bleaching and DNA damage (8 h)
NOECs were not included because the appropriate toxicological
endpoint (EC50) could not be calculated. Conversely, the 24‐h
deformity (EC50) and mortality (LC50) endpoints are included
rather than the 8‐h counterparts because of problematic results
and shorter test duration (discussed previously in the section
Common methodological issues with characterizing UV filter
hazard to coral).

The majority of NOECs from the reported endpoints
fall within the range of 1 to 1000 µg/L (Figure 5). This is influ-
enced heavily by the few studies that are available and the
concentrations the authors chose to test. For example, of
the 75 endpoints in Figure 5, 88% were derived by He
et al. (2019a, 2019b). Based on the currently available data,
S. caliendrum (triangles, Figure 5) appears to be more sensitive
to UV filter exposure than P. damicornis (squares), for which a
similar data set is available (He et al. 2019a, 2019b). The most
sensitive endpoint for BP‐3, BP‐8, and EHMC was S. caliendrum
polyp retraction (i.e., LOEC 10 µg/L, NOEC 1 µg/L; He et al.
2019a, 2019b). This is closely followed by algal density,
bleaching, and mortality in S. caliendrum in response to BP‐8
exposure and S. pistillata deformity (24‐h EC50 in light) in re-
sponse to BP‐3 exposure as reported by Downs et al. (2016). In
terms of settlement, S. caliendrum larvae appear to be more
sensitive to BP‐1 and BP‐8 (184 and 530 µg/L EC50, re-
spectively) rather than BP‐3 or BP‐4 (1000 µg/L NOEC). With the
exception of bleaching when exposed to BP‐3, adult coral do
appear to be more sensitive to UV filter exposure; however, this
trend is based on limited data. This result is surprising because
it is usually the early life stages of species that are more sen-
sitive to contaminants. This point was discussed in Downs et al.
(2016), where the 24‐h LC50 for S. pistillata planulae exposed to
BP‐3 in the light was 139 µg/L, although this is more sensitive
than the LC50s for larval and adult corals exposed to BP‐3 in the
He et al. (2019b) study (i.e., LC50> 1000 µg/L) for longer‐
duration exposures (7–14 d). Furthermore, the response of
adult S. pistillata exposed to BP‐3 was recently investigated by
Wijgerde et al. (2020), who found no mortality after a 6‐wk
exposure to 0.06 µg/L measured (1 µg/L nominal). The least
sensitive endpoint appears to be photosynthetic efficiency; Fel
et al. (2019) reported a 5000 µg/L NOEC for terephthalylidene
dicamphor sulfonic acid (TDSA), drometrizole trisiloxane (DT),
and ethylhexyl triazone (ET), organic UV filters that are on the
European Union market but not currently authorized for use in
the United States (Table 1). Meanwhile, the AVO NOEC for
photosynthetic efficiency, which is authorized for use in the
United States, was 1000 µg/L (87 µg/L measured), which ex-
ceeds solubility for this compound (27 µg/L; Table 1). Un-
fortunately, data for this endpoint have not been reported for

other UV filters for comparison. Overall, limited trends emerge
from the ecotoxicity endpoint distribution, but generally, BP‐8
appears to be the most potent. What is clear is that many of the
endpoints reported correspond to concentrations greater than
the solubility of the UV filter (Table 1), indicating a very low
likelihood of occurring in the environment.

Many of the NOECs reported for coral actually correspond
to the highest concentration tested (HNOEC), indicating that
the true NOEC could be higher. Although not an ideal com-
parison, because of the limited amount of coral toxicity data
currently available, we used this information to provide some
insight into which UV filters and endpoints each coral species is
most sensitive to. For all endpoints studied, exposure to BP‐4
resulted in an HNOEC (Figure 6). Also, DT, ET, and TDSA re-
sulted in HNOECs; but because this only includes a single
endpoint, it would be premature to comment on their relative
potency in comparison to other reviewed UV filters. On
the other hand, proportionally BP‐8 and BP‐1 resulted in the
smallest fraction of HNOECs, 15 and 31%, respectively, pro-
viding further preliminary evidence that they might be more
potent than other studied UV filters. In terms of the endpoints
studied, only deformity had no HNOECs; but this was only in-
cluded in the experiment by Downs et al. (2016; Figure 6, inset).
Meanwhile, polyp retraction resulted in an HNOEC only 25% of
the time, suggesting that this endpoint may be more sensitive
than larval settlement or bleaching, which both resulted in an
HNOEC for 50% of tests, although it is unclear what the ram-
ifications of polyp retraction may be and the relationship with
individual‐ or population‐level toxicity (Swain et al. 2015).

Overall conclusions regarding the toxicity of UV filters to
corals are hampered by the limited amount of data, particularly
given the variability in test designs. For risk identification it is
important to identify the most sensitive species, life stage, and

FIGURE 6: The proportion of coral no‐observed‐effect concentrations
observed at the highest concentrations tested to the total number of
endpoints presented in Figure 5 per ultraviolet (UV) filter. Data are
presented by endpoint for all UV filters in the inset. The UV filter
abbreviations are listed in Table 1. AVO= avobenzone; BP=
benzophenone; DT= drometrizole trisilioxane; EC50=median effect
concentration; EHMC= ethylhexyl methoxycinnamate; ET= ethylhexyl
triazone; HNOEC= highest NOEC; LC50=median lethal concen-
tration; NOEC= no‐observed‐effect concentration; OC= octocrylene;
TDSA= terephthalylidene dicamphor sulfonic acid.
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biological endpoint(s) for future testing in addition to assessing
the relative sensitivity of new test species in relation to the
commonly used standard test species.

PRELIMINARY CORAL ENVIRONMENTAL
RISK CHARACTERIZATION

A small subset of the exposure studies reviewed conducted
a complementary preliminary environmental risk character-
ization for EHMC (Tsui et al. 2014; He et al. 2019a), benzo-
phenones (Tsui et al. 2014, 2017; He et al. 2019b), and
OC (He et al. 2019a). To conduct a risk assessment, it is critical
to use high‐quality and reliable environmental exposure
(e.g., predicted or monitoring) and toxicological (hazard) data
(Leonards et al. 2013; Moermond et al. 2016). Often, risk is
calculated deterministically, where an risk quotient is calculated
by dividing exposure (e.g., predicted or measured) by a
predicted‐no‐effect concentration (PNEC). When an risk quo-
tient is ≥1, a risk is present. Regulatory environmental risk‐
assessment (ERA) methodologies applied in the United States
and Europe are generally aimed at the temperate freshwater
environment (Fantke et al. 2018). Assumptions that are based
on freshwater species are leveraged to the marine environment
simply by increasing the assessment or uncertainty factor
applied to toxicity data when no marine data are available
(European Chemicals Agency 2008). However, these assess-
ments are designed to protect the environment as a whole,
rather than a particular species or taxon (e.g., coral). Currently,
there is no established ERA approach specifically for coral (e.g.,
toxicity test recommendations, endpoints to include, appro-
priate assessment factors), but the studies reviewed mark an
initial step toward how we can assess the impact of chemical
stressors on coral.

To characterize UV filter exposure, Tsui et al. (2014) used a
worst‐case scenario by taking the highest MEC from their
monitoring data set (referred to as MECworst). He et al.
(2019a, 2019b) calculated a best‐ and worst‐case MEC using
the minimum and maximum MECs collected in their studies
and/or the previous data set reported by Tsui et al. (2014). Tsui
et al. (2017) took a different approach to characterizing ex-
posure: rather than using a surface‐water MEC, they used in-
ternal coral concentrations (MECinternal) derived from coral
tissue they collected. Overall, a limited amount of monitoring
data were considered or are even currently available for coral
exposure characterization.

In terms of hazard characterization, a PNEC is calculated by
dividing an LC(EC)50 (acute data) or NOEC/EC10 (chronic data)
by an assessment factor (accounts for inter‐ and intraspecies
variability; European Chemicals Agency 2008). Tsui et al. (2014)
derived PNECs using data available in the literature (Danovaro
et al. 2008; Downs et al. 2016), whereas He et al.
(2019a, 2019b) calculated a PNEC based on each endpoint in
their toxicity studies (rather than just the most sensitive). Tsui
et al. (2017) took a nonstandard approach by multiplying ex-
isting toxicity data (Downs et al. 2016) by their field‐based coral
bioaccumulation factors to get an EC(LC)50internal and then

applying an assessment factor. The resulting PNECinternal was
then comparable to their MECinternal. In all 4 studies, an as-
sessment factor of 1000 was applied. This value was derived
from outdated guidance from the European Commission
(2003), which has now been replaced by guidance developed
for the implementation of the Registration, Evaluation, Au-
thorization and Restriction of Chemicals program (European
Chemicals Agency 2008). By not following these guidelines,
existing data were not considered that could impact the as-
sessment factor applied and provide a more holistic marine UV
filter risk characterization. According to this guidance, the
PNEC should be based on the NOEC rather than the LOEC.
Therefore, according to these established approaches, the
PNECs derived by He et al. (2019a, 2019b) were not sufficiently
conservative for preliminary risk‐screening purposes; however,
this was likely overcome by applying such a large assessment
factor to chronic empirical data. Beyond the assessment factor,
there appear to be significant data reliability issues across
toxicity studies used to derive PNECs (see previous section
Common methodological issues with characterizing UV filter
hazard to coral). This could be due to the lack of established
guidance for the toxicological assessment of coral, but re-
gardless, several aspects key to any toxicological study were
missing (Moermond et al. 2016) including missing controls, lack
of analytical confirmation of exposure concentrations, and
missing mass to volume exposure concentrations (Danovaro
et al. 2008; Downs et al. 2016). The reliability of the Downs
et al. (2016) coral toxicity data has been questioned previously
(Schaap and Slijkerman 2018), which was used for PNEC
derivation by Tsui et al. (2014, 2017).

In each of the reviewed studies, risk quotients were derived
deterministically (i.e., MEC/PNEC), and the results are sum-
marized in Figure 7. As mentioned, He et al. (2019a, 2019b)
used Tsui et al. (2014) monitoring data; therefore, it is mainly
the differences in PNEC that are driving the differences in risk
quotients between the studies. Based on the median risk
quotient, EHMC presents the greatest risk, followed closely by
BP‐3 (Figure 7). All median risk quotients fall below 1, in-
dicating that possible risks are minimal; however, the existence
of particular study sites where risk quotients exceed 1 indicates
that further investigations into the impacts UV filters may pose
to coral are warranted (Figure 7).

We must acknowledge the limitations of the current data set
in terms of methodological issues and completeness (as re-
viewed) for both monitoring and toxicological data, so much so
that drawing any conclusions pertaining to risk of these com-
pounds to coral would be premature. However, regardless of
these concerns, a paucity of coral toxicological data restrains
the ability of risk assessors and decision‐makers to derive reli-
able PNECs for coral. Alternatively to calculating a PNEC and
an risk quotient, a margin of safety could be calculated by di-
rectly comparing a NOEC to the environmental concentration
(NOEC/M[P]EC). This permits conclusions over the magnitude
of the margin of safety (e.g., 1, 10, 100) rather than high versus
low risk. Use of the margin of safety is also a reasonable alter-
native to the not‐fit‐for‐purpose large assessment factors (i.e.,
1000) used in all of the coral risk assessments reviewed despite
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the risk assessments being species‐specific (not whole eco-
system) and using coral‐specific toxicity data. Others have cir-
cumvented this issue by deriving PNECs for closely related
taxonomic groups, such as algae (Office of Protected Resources
2016; Schaap and Slijkerman 2018). To address this issue, reli-
able coral hazard data need to be generated (see Moermond
et al. 2016). In addition, efforts should be made to investigate
and justify the most sensitive and ecologically relevant coral test
species and acute and chronic toxicological endpoints for
hazard‐ and risk‐characterization purposes. Earlier analysis
of toxicological data in the present review indicated that
S. caliendrum along with larval settlement and adult coral polyp
retraction endpoints were most sensitive (He et al. 2019a,
2019b), but data reliability issues related to these studies mean
that their findings should be considered with caution.

A key point to consider when conducting ecotoxicological
tests and subsequent ERA for coral is the paradigm in which we
approach ERA. Priority is placed on higher levels of biological
assemblage (individual< species < population < ecosystems)
such that population‐level effects are of greater importance
than effects on the individual. We know environmental

responses to be variable, and as such, an effect observed on an
individual may not translate into a change in the population.
Therefore, careful consideration must be paid to endpoint se-
lection such that it is relevant to an impact on the population
rather than the individual. Research is needed to understand
how the common coral toxicological endpoints translate into
population‐level effects. In the context of the coral endpoints
studied in response to UV filters thus far, mortality and larval
settlement are population‐relevant endpoints, whereas the
relevance to population‐level effects from larval deformity or
polyp retraction endpoints is less clear. Those relating to the
health of coral symbiosis (i.e., bleaching and loss of algae) and/
or the impact to the symbiont itself (i.e., photosynthetic effi-
ciency) are often used as precursors to coral mortality, although
it is possible for corals to recover if the stressor is removed.

CONCLUSION AND RECOMMENDATIONS
Organic UV filters do occur in the environment, but ac-

cording to our analysis, there is limited evidence to suggest
that their presence is causing significant harm to coral reefs.
Although toxicity studies have observed effects, the majority of
studies result in NOECs or LOECs, often observed at the
highest concentrations tested. A few EC50 concentrations have
been derived and, in the case of BP‐3, an LC50. The lowest
EC50 across the UV filters was reported for BP‐3 (deformity,
49 µg/L), and the second lowest was for BP‐1 (larval settlement,
184.1 µg/L). These toxicological thresholds exceed 98 and
100%, respectively, of environmental concentrations observed
thus far near coral reefs. But it should be noted that 2% of BP‐3
reef concentrations that exceed the EC50 are clear outliers, as
reviewed. However, based on the current data set, it would be
premature to conclude that environmental concentrations of
UV filters do not adversely impact coral reefs. This is due to
both extensive data gaps in terms of reliable and relevant en-
vironmental exposure and toxicity data. The major recom-
mendations based on the findings from our analyses pertain to
research needed on the following 3 aspects: environmental
exposure and fate, toxicity testing, and risk assessment. These
are summarized in Tables 4 and 5. Table 4 outlines our findings
and provides recommendations for lower‐tier studies that
should be addressed prior to conducting a preliminary risk
assessment. If unacceptable risks are identified in the prelimi-
nary assessment, further refinement is needed, per the
recommendations for higher‐tier studies presented in Table 5.

The first aspect, addressed in Table 4, concerns UV filter
environmental exposure. Although representative monitoring
studies with adequate quality control are useful for establishing
UV filter exposure in coral habitats, efforts to model these
concentrations are encouraged to predict concentrations that
can be used in a preliminary risk assessment. If needed, these
predicted data can also inform higher‐tier targeted monitoring
programs (Table 5). These higher‐tier monitoring studies
should adequately capture temporal and spatial fluctuations,
particularly in relation to where coral is found within the envi-
ronment. This includes studying depth distribution and

FIGURE 7: Summary of preliminary coral risk characterizations re-
ported in the literature. A line is drawn at y = 1 to indicate when risk
quotients exceed 1 (i.e., risk present), but note the multiple data
quality issues with the underlying toxicity and exposure data identi-
fied in the review. The median risk quotient is identified per study per
ultraviolet (UV) filter by the horizontal line. All risk quotients were
retrieved from the supplemental data files provided in each study,
with the exception of Tsui et al. (2017) where internal coral risk
quotients were recalculated for the water column to make them
comparable with the other data sets (see Supplemental Data
for details). The UV filter abbreviations are listed in Table 1.
BP = benzophenone; EHMC = ethylhexyl methoxycinnamate;
4‐MBC = 4‐methylbenzylidene camphor; OC = octocrylene.
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characterization of the surface microlayer, both important as-
pects for understanding the true exposure of coral through its
various life stages. Temporal variability also needs to be better
understood; this could be achieved through the study of ex-
posure on various timescales (e.g., tidal, daily, monthly, sea-
sonal). Also important is the characterization and selection of a
variety of sites that include varying levels of anthropogenic
(e.g., wastewater effluent impacted, recreational, pristine) and
hydrodynamic (e.g., low and high tidal influence, sheltered)
influence. Ideally, additional chemical tracers could be used to
help determine potential source inputs (e.g., sucralose for
wastewater effluent; Oppenheimer et al. 2011). This in-
formation can also be used to gain an understanding of UV

filter source apportionment. Greater effort should also be put
into describing both the particulate and dissolved phases of
water samples collected because this could enhance the un-
derstanding of exposure pathways of these particularly hydro-
phobic chemicals. Together, this UV filter fate and occurrence
information can be fed into spatially explicit coastal exposure
modeling activities, which should be explored as a comple-
mentary approach for assessing coral exposure.

In addition to field monitoring, a series of laboratory‐based
fate studies could provide a wealth of information on the parti-
tioning, persistence, and degradation of UV filters in simulated
reef conditions (e.g., salinity, temperature, and light). For ex-
ample, incubation experiments of UV filters in seawater, with and

TABLE 4: Summary of findings and proposed recommendations for ultraviolet filter exposure studies and coral toxicity tests for the purpose of
conducting a preliminary coral environmental risk assessment

Category Finding or conclusion Recommendations

Exposure There are limited or no environmental exposure data
available for many UV filters in coral habitats including both
the water column and sediment.

• The majority of data available are only representative of a
snapshot in time. Sample replication is also limited.

• Several data sets are lacking critical quality assurance/
control components (e.g., matrix recovery and
compensation strategy, limits of detection/quantification,
lab and field blanks, inappropriate sampling containers
and storage).

• Lack of filtering prior to extraction, difficult‐to‐relate
results to dissolved fraction because many UV filters are
highly hydrophobic.

Conduct marine environmental exposure modeling with
limited refinements (e.g., excluding site‐specific dilution,
wash‐off, etc.) to generate conservative predictions suitable
for lower‐tier ERA.

• If small monitoring campaigns are conducted, ensure
methods, quality assurance/control, and data reporting are
complete and transparent; making use of supplementary
files in publications should be encouraged.
o Focus monitoring studies at various coral reefs sites

(e.g. for the United States in Hawaii, Florida, and
Puerto Rico).

Toxicity Many studies currently available are of unknown relevance to
population‐level endpoints, and all contain significant flaws
that reduce their reliability and thus suitability for risk
assessment.

• Existing endpoints may under‐ or overestimate toxicity
thresholds.

• Most coral toxicity studies do not analytically verify their
exposure concentrations, and those that do are of limited
utility given their sampling design but do demonstrate
significant losses of the parent compound.

• Many UV filters are relatively insoluble, and multiple
solvents have been used in toxicity tests.

Develop a standard coral toxicity test that can generate
reliable acute and chronic endpoints from dose–response
relationships using appropriate test durations.

• Evaluate UV filters to identify the most suitable and
sensitive population‐relevant biological endpoints (e.g.,
bleaching, growth, reproduction) and life stages for coral
toxicity assessments (i.e., LC50, NOEC).

• Ensure use of appropriate solvents that do not enhance
chemical uptake or potentially alter conditions of oxidative
stress (e.g., MeOH, not DMSO).

• A comprehensive and robust test setup that ensures
consistent toxic‐dose delivery.
o A strategy to maintain UV filter concentrations

throughout the exposure should be included, for
example, a flow‐through design.

o An analytical sampling plan suitable to calculate
robust time‐weighted exposure concentrations to
derive reliable toxicity thresholds.

Risk assessment A limited number of coral ERAs have been conducted but
utilize generalized (large) assessment factors and measured
environmental concentrations and coral toxicity data that
are not robust.

• Current research suggests risks of UV filters to coral could
be present, and further investigation and refinement of
the risk assessment is needed. Reliable and relevant
toxicity and exposure data are currently lacking but
essential for well‐informed decision‐making/risk
mitigation.

Environmental monitoring and toxicity testing
recommendations should be implemented, resulting in a
robust data set for preliminary deterministic ERA calculation,
which would allow for a more accurate risk determination of
UV filters to corals.

• Develop a tiered coral‐specific ERA framework. The
framework should incorporate existing data where
possible, including leveraging data for other species with
suitable assessment factors. If using coral data, apply the
margin‐of‐safety approach rather than assessment
factor–driven risk quotients. The lower tiers of the
assessment should be deterministic rather than
probabilistic because that requires higher‐tier modeled
exposure data.

ERA= environmental risk assessment; LC50=median lethal concentration; NOEC= no‐observed‐effect concentration; UV= ultraviolet.
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TABLE 5: Summary of findings and proposed recommendations for ultraviolet filter exposure and fate studies and coral toxicity tests for the
purpose of refining a coral environmental risk assessmenta

Category Finding or conclusion Recommendations

Exposure and fate Concentrations of UV filters are highly variable through
space and time, and there are limited data at
environmentally relevant depths (i.e., at coral reef
depth or in the surface microlayer where coral
larvae live).

Conduct environmental monitoring studies at varying depths in
the water column at various coral reef sites with repeated
sampling at the same sites over various timescales (tidal cycle,
day, week, month, and season). Include hydrological, water
quality, and other potential covariable descriptions at sites.

There is some evidence that UV filter concentrations
are correlated with recreational activity, although it
is limited and study‐dependent, with some studies
showing high UV filter concentrations in areas of no
or limited recreational activity.

• There are multiple sources of UV filters in marine
environments including plastics, textiles, paints,
wastewater effluent, and overland runoff.

Conduct comprehensive monitoring programs at sites that differ
in anthropogenic influence (i.e., WWTP, recreation, urban
versus rural land runoff, or remote sites). Include potential
chemical tracers for source apportionment studies (e.g.,
sucralose as a wastewater tracer).

• Conduct follow‐on UV filter source apportionment studies.
These could include coupling isotopic analysis and leaching
studies from common household products to determine the
potential sources, for example, from plastics or textiles.

Many UV filters are highly lipophilic and likely to partition
to particles in seawater or organisms. The distribution
between the particulate and dissolved phase is
understudied and has implications for exposure
modeling and uptake by corals.

Assess the partitioning of UV filters between the dissolved and
particulate phases (using filtration techniques) in seawater
from laboratory and environmental settings.

Multiple studies have found loss of UV filters in toxicity
test exposure solutions and variability in field
concentrations during the course of the day.

Study the persistence, degradation (e.g., by photolysis), and
metabolism of a variety of UV filters in laboratory studies under
conditions pertinent for tropical coral reefs (e.g., spectral
quantity and quality, interaction with dissolved organic matter).

Corals were shown to bioaccumulate some UV filters; but
the rate of uptake is unknown, and limited data exist
only for a few UV filters in 2 studies.

• Conduct laboratory or in situ coral transplant
bioaccumulation studies, determine uptake and depuration
rates for UV filters in adult coral fragments, and identify
metabolites generated.

Toxicity There are limited data on the acute and chronic toxicity
of UV filters to intact hard coral species in both adult
and larval life stages.

• Impacts of UV filters differ with species and life stage
and are not consistent (i.e., some UV filters are more
toxic to larvae, whereas others are more toxic to
adult fragments).

• Obtaining sufficient adult hard coral fragments and
coral larvae for exposure experiments is challenging
given permitting requirements, large numbers
required for toxicity tests and for larvae the
limited potential sampling window of time for
collection.

Standard tests should be developed using at least 2 coral
species and multiple life stages and require toxicity tests for
each compound to be conducted in multiple coral species
using adult fragments and larvae.

• Assess species for development of a standard cnidarian test
species for the rapid screening of UV filter toxicity (e.g., the
symbiotic tropical anemone [Aiptasia spp.], the symbiotic
soft coral [Xenia spp.], or the fast‐growing symbiotic hard
coral [Galaxea sp.]).

Risk assessment Deterministic lower‐tier coral environmental risk
assessment oversimplifies coral UV filter exposures
and assumes the worst‐case exposure scenario.

A probabilistic approach could be a suitable strategy to refine
coral exposure. This would require higher‐tier marine
exposure modeling but would provide a more realistic
indication of exposure and risk probability.

A holistic multistressor risk assessment could be
important for ensuring effective management
and conservation of reef environments given that;

• Multiple UV filters are present in seawater and
sediment near coral reefs and in coral tissues.

• Exposure of corals to chemical contaminants and
costressors (e.g., temperature) results in increased
toxicity, although there is very limited evidence for
this with UV filters.

• The relative risk of known coral stressors can be
ranked against risks from UV filters or other
organic pollutants.

An eco‐epidemiological approach could be a useful strategy for
evaluating combinations of physical, chemical, and
environmental conditions through time to identify dominant
stressors.b The approach can help optimize management
strategies, reveal potential causal relationships, or target site
selection for monitoring. This approach is also consistent with
the decision framework presented for the persistence and
resilience of coral reefs.c

• Based on the outcome of the eco‐epidemiological
approach:
o Toxicity studies could be conducted to assess the

impact of multiple UV filters to corals.
o Studies could be conducted to assess the synergistic

or additive effect of costressors (e.g., temperature
changes) on the toxicity of UV filters to corals.

aThese studies should be considered after lower‐tier recommendations have been filled (Table 4) and a potential risk is demonstrated.
bPosthuma et al. (2016), Kapo et al. (2014).
cNational Academies of Sciences, Engineering and Medicine (2019).
UV= ultraviolet; WWTP=wastewater‐treatment plant.
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without simulated “natural” UV light conditions and dissolved
organic carbon, could be conducted to assess stability, parti-
tioning, and degradation in seawater. Laboratory fate studies
with coral also need to be conducted to determine the uptake,
bioaccumulation, and metabolism of UV filters in a variety of
coral species. Because there is evidence to suggest that coral UV
filter metabolism occurs (Tsui et al. 2017; Stien et al. 2019),
analytical detection of metabolites when conducting analyses of
coral tissue and/or exposure media would be useful to de-
termine the extent of UV filter metabolism and its role in toxicity.
More coral tissue data from the field are also needed and can
provide complementary information to laboratory studies to aid
in the assessment of exposure, uptake, and bioaccumulation
(i.e., partitioning between the dissolved and particulate phases).
Characterization of coral dietary exposure (e.g., zooplankton) is
also required for this purpose. Finally, a complementary coral
health assessment should be completed with any environmental
samples near reefs to serve as a reference when discussing ex-
posure. This information could also form a key data set to use
within an eco‐epidemiological approach (Table 5).

The second major research aspect is a need to conduct
more controlled laboratory toxicity tests with justified toxicity
endpoints and robust study designs. Based on the studies re-
viewed, a standardized protocol for coral toxicity testing would
be of great value because there is currently no standard toxicity
test for corals (Table 4). Research should be conducted to
identify sensitive and appropriate coral model species or even
surrogate species (e.g., anemones) for toxicity studies using
multiple life stages (i.e., adults and larvae). Selected species
should be easily cultured and maintained in a laboratory setting
for weeks (for chronic tests), provide adequate material for
regular testing, and result in minimal variation between tests
and species with respect to negative and positive control re-
sponses. It is imperative that these studies follow good eco-
logical testing practice to generate reliable data suitable for
risk assessment. Acute and chronic tests need to be differ-
entiated and have endpoints included that are suitable for ERA.
Acute (<96 h) exposures should focus on lethality and derive an
LC50. These acute toxicity tests would ideally include 2 or more
species of stony coral and expose adult coral fragments gen-
erated from multiple, genetically different individual “parents.”
Higher‐tier chronic exposures should include a suite of sub-
lethal endpoints, preferably those related to growth and re-
production, although research is needed to determine
additional suitable and sensitive endpoints (e.g., bleaching,
photosynthetic activity, and chlorophyll content); but the goal
should be to derive an EC10/NOEC suitable for ERA (e.g.,
European Chemicals Agency, US Environmental Protection
Agency). Because it is still unclear as to the most sensitive life
stage to use for a coral, the acute and chronic toxicity studies
outlined above could also be conducted in the early life stages
(larvae/planulae) of 2 or more coral species including additional
developmental endpoints and assessment of life‐stage sensi-
tivities. Assessing single‐compound toxicity should be the pri-
ority for all UV filters. As the body of robust toxicity data
develops, investigations into UV filter mixtures, major metab-
olites, or degradation products could be considered.

This brings us to the third major research aspect, conducting a
risk assessment. There is a need to develop a targeted and
suitably protective coral ERA framework. This framework could
be based on existing marine ERA frameworks (e.g., European
Chemicals Agency 2008) and tiered, leveraging data from
standard species into the assessment while also addressing coral‐
specific concerns, thereby enabling researchers and decision‐
makers to put environmental exposures and coral hazard in the
context of risk for corals and marine ecosystems more generally.
A systematic framework to determine the risk of UV filters will
also help to prioritize risk in terms of other coral contaminants,
thereby directing resources to where they will have greatest
impact. Ultimately, the environmental risk of UV filters may be
realized as a costressor with other factors, such as ocean tem-
perature. In addition, the relative risks of UV filters compared to
costressors may be evaluated. There is a potential to investigate
these interactions through the eco‐epidemiological approach
(Table 5), which could provide a mechanism for conducting a
holistic ERA for coral. This would allow regulators, policymakers,
and scientists to optimize conservation and management activ-
ities while enabling the identification of priority stressors that
should be most urgently addressed.

There is currently limited evidence to suggest that corals are
adversely impacted by environmental exposure to UV filters;
however, these major data gaps immediately need to be ad-
dressed with high‐quality monitoring, fate, and toxicity studies.
Together these studies can be used to appropriately quantify
the risk of coral to UV filters, thus enabling assessors to make
informed, evidence‐based decisions that will truly be of benefit
for coral health.

Supplemental Data—The Supplemental Data are available on
the Wiley Online Library at https://doi.org/10.1002/etc.4948.
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